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A B S T R A C T

In spite of being a widespread activity causing the salinization of rivers worldwide, the impact of potash mining on river
ecosystems is poorly understood. Here we used a mesocosm approach to test the effects of a salt effluent coming from
a potash mine on algal and aquatic invertebrate communities at different concentrations and release modes (i.e. press
versus pulse releases). Algal biomass was higher in salt treatments than in control (i.e. river water), with an increase in
salt-tolerant diatom species. Salt addition had an effect on invertebrate community composition that was mainly related
with changes in the abundance of certain taxa. Short (i.e. 48 h long) salt pulses had no significant effect on the algal and
invertebrate communities. The biotic indices showed a weak response to treatment, with only the treatment with the high-
est salt concentration causing a consistent (i.e. according to all indices) reduction in the ecological quality of the streams
and only by the end of the study. Overall, the treatment's effects were time-dependent, being more clear by the end of the
study. Our results suggest that potash mining has the potential to significantly alter biological communities of surround-
ing rivers and streams, and that specific biotic indices to detect salt pollution should be developed.
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1. Introduction

Resource extraction is increasing worldwide to meet human de-
mands for energy and goods (Krausmann et al., 2009; Reichl et al.,
2016). In 2014 the world production of mineral raw materials was
of 17,434 million metric tons, providing a total revenue of thousands
of billions of US dollars (Reichl et al., 2016). One valuable mineral
is potash, with a world production of 39.55 million metric tons in
2014, increasing at a rate of 19.52% from 2010 (Reichl et al., 2016).
Many mining operations generate wastes (e.g. potash mines can gen-
erate tailings dominated by NaCl) that are one of the world's largest
chronic waste concerns (Bian et al., 2012). It is estimated that hun-
dreds of thousands of tons of mine tailings are produced per day
(Jakubick et al., 2003). For example, in the US mining activities gen-
erate 10 times as much solid waste as municipal solid waste per capita
(Hudson-Edwards et al., 2011). Very often these wastes are stored in
impoundments around the mines, from where they can reach surface
waters by seepage through embankments or through the base of the
tailings pile (Hudson-Edwards et al., 2011).

The ecological impact of coal and metal mines on surface wa-
ters has received considerable attention from the scientific community
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(Dudka and Adriano, 1997; Palmer et al., 2010). Several studies have
showed that biological communities can be seriously impaired by
mine wastes (e.g. Clements et al., 2000; Pond et al., 2014). However,
the potential effects of potash mining on river ecosystems are less un-
derstood (Bäthe and Coring, 2011 ; Braukmann and Böhme, 2011;
Cañedo Argüelles et al., 2012; Coring and Bäthe, 2011; Schulz, 2016;
Ziemann et al., 2001). The potassium in potash is one of the most
important components of commercial soluble fertilizers, since it is an
essential plant nutrient. Annual potash production capacity was pro-
jected to increase globally from 52 million tons in 2015 to 61 mil-
lion tons in 2019, and world consumption for all uses of potash was
projected to increase gradually from 35.5 to 39.5 million tons for the
same period (Ober, 2016). As other mining activities, potash extrac-
tion generates large quantities of waste. For example, in the potash
mines of central Catalonia, 3 tons of waste are generated for each ton
of potash that is extracted (Gorostiza Langa, 2014). These wastes are
mainly composed of NaCl and they are often stored in open locations
near the mines, resulting in artificial mountains (i.e. mine tailings). Al-
though management measures such as brine collectors have been im-
plemented (Martín-Alonso, 1994), the salts from the tailings are still
dissolved by rain and humidity (Cañedo Argüelles et al., 2012; Otero
and Soler, 2002) and they often leak from the collecting and reten-
tion infrastructures (Gorostiza Langa, 2014). Thus, large quantities of
these salts end up in streams and rivers around the potash mining ar-
eas.

http://dx.doi.org/10.1016/j.envpol.2016.12.072
0269-7491/© 2016 Published by Elsevier Ltd.
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Since river organisms are adapted to freshwater, the increase in
the salt concentration caused by potash mining wastes has the po-
tential to significantly alter the river ecosystem (Cañedo-Argüelles et
al., 2013). Studies on the River Werra (Germany), which was heav-
ily impacted by potash mining, showed a recovery in biological com-
munities after salt pollution was lowered from maximum chloride
concentrations of 27 g L−1 in 1992 to 2.5 g L−1 in 2000 due to the
implementation of management practices (Bäthe and Coring, 2011a,
2011b; Coring and Bäthe, 2011). These studies suggested that bio-
logical quality could be further improved if maximum chloride con-
centration was lowered to 1.5 g L−1. However, the information on the
ecological impacts of freshwater salinization is still too scarce to ro-
bustly guide management decisions and there are important questions
that remain unanswered. Moreover, in field studies it is difficult to iso-
late the effect of salt pollution on aquatic organisms from the effect
of other variables (e.g. habitat characteristics, nutrient concentrations).
In this regard, mesocosm studies allow conducting experiments un-
der controlled conditions and, at the same time, capturing some of the
complexity of natural ecosystems (Odum, 1984). Previous mesocosm
studies on the potential effects of potash mining pollution on river
ecosystems suggested that high salt concentrations (i.e. higher than
3 g L−1) could lead to significant changes in the aquatic macroinver-
tebrate communities (Cañedo-Argüelles et al., 2015, 2012), and that
short salt pulses had little effect on diatom and invertebrate commu-
nities (Cañedo Argüelles et al., 2014). In all these mesocosm studies
the changes in community composition were related with changes in
abundance of the different taxa, but not with changes in species rich-
ness. However, these studies had two important limitations: they were
conducted over short periods of time (i.e. maximum duration = 16
days) and they used NaCl as a proxy to potash mine wastes.

Here we used a mesocosm approach to study the potential impact
of potash mining on river ecosystems and to provide management rec-
ommendations. Although different strategies exist to avoid disposing
salts into rivers and streams (Martín-Alonso, 1994), in some cases salt
disposal might be unavoidable. Thus, one of the most pressing man-
agement concerns is to know what is the best disposal strategy: to
dispose salts continuously at low concentrations (i.e. press release) or
to dispose salts at higher concentrations during short periods of time
(i.e. pulse releases). Also, there is a need to know what is the maxi-
mum salt concentration that should be allowed in rivers and streams
to prevent damaging the ecosystem and degrading its ecological sta-
tus. Here, we tested the effects of a salt effluent coming from a potash
mining tailing heap in the River Werra basin (Germany) on algal and
aquatic invertebrate communities at different concentrations (similar
to those currently registered in the River Werra, impacted by potash
mining) and different salt disposal schemes (i.e. pulse versus press re-
leases). We focused on algae and invertebrates, which are good indi-
cators of water quality (Potapova and Charles, 2007; Rosenberg and
Resh, 1993). Our initial hypothesis was that high salt concentrations
(i.e. above 3 g L−1) would have significant effects on algal and inver-
tebrate communities, whereas moderate and low salt concentrations
(i.e. below 3 g L−1) would not. We also expected taxa richness to be
unaffected by the salt treatment, leading to a weak response of biotic
indices (which heavily rely on richness as an indicator). Finally, we
expected short salt pulses (i.e. 48 h long) to have no significant effect
on the algal and invertebrate communities due to the capacity of or-
ganisms to tolerate these short phases of stress and to recover between
pulses (Cañedo Argüelles et al., 2014).

2. Methods

2.1. Experimental setup

The experiment was performed in a set of 12 artificial streams
(Supplementary material) of 3 m of length, fed by river water com-
ing from the upper part of the Ter River (Catalonia, Spain). The river
water included small concentrations of N and P and dissolved or-
ganic matter mainly due to human activities (e.g. use of fertilizers).
The Ter headwaters are located in the Pyrenees. Its basin has alka-
line-earth bicarbonate waters. Bicarbonate represents 63% of the to-
tal anions and calcium 60% of the total cations. Other ions reach rel-
evant concentrations. Sulphate constitutes on average 24% and chlo-
ride only 13% of the total anions (Sabater et al., 1992). Water con-
ductivity along the catchment ranges from 250 μS/cm to 950 μS/cm
(CERM database). The mesocosm was located in an open field in the
Museu del Ter (Manlleu, Catalonia, Spain), close to a river channel.
The river water was pumped into four 1500 L mixing tanks, each of
them feeding three artificial streams (i.e. pvc pipes) and flowing into
500 L tanks from where it was re-circulated. One of the tanks was left
as control (i.e. containing only river water), whereas in the other three
a salt treatment was applied. The salt treatments consisted in dissolv-
ing a salt-saturated stock solution (coming from a tailing heap in the
River Werra basin) into river water (total salt concentration = 0.248 g/
L) at different concentrations (i.e. Mod, High and Mod-p treatments).
The stock solution contained 172 g/l Chloride, 15.5 g/l Potassium and
24.9 g/l Magnesium. In the moderate treatment (Mod) the salinity was
2.27 ± 0.36 g/L, and in the high treatment (High) it was 3.78 ± 0.26 g/
L. These salt concentrations are typically observed in different sec-
tions of the River Werra during different periods of the year (Bäthe
and Coring, 2011a, 2011b; Coring and Bäthe, 2011). Finally, in the
moderate + pulses treatment (Mod-p) the salinity concentration was
1.61 ± 0.08 g/L and it was increased to 2.23 ± 0.03 g/L during 3 pulses
of 48 h of duration applied 19, 28 and 35 days after the beginning
of the experiment. The pulses were created by slowly adding the
salt-saturated solution to the mixing tank while continuously control-
ling salinity with a conductimeter. After 48 h river water was added
to the mixing tanks to dissolve salts and re-establish pre-pulse con-
ditions. Since we knew the volume of water in the tanks and the salt
concentration in the river water and the mixing tanks, we could calcu-
late which volume of river water was needed to re-establish initial (i.e.
pre-pulse) salt concentrations.

We collected invertebrates and cobbles from the Ter River at Les
Masies de Voltregà, which is a river section located near the arti-
ficial streams that has a good water quality and mean conductiv-
ity of 350 μS/cm (CERM database). A total of 144 river cobbles
were collected and transferred to the artificial streams (placing 12 per
stream). Additionally, 12 macroinvertebrate samples were collected
by kick-net sampling the riverbed for 1 min using a 250 μm mesh size.
Each sample was emptied at the top of each stream. Thus, initial algal
communities consisted in those that were attached to the river cobbles,
whereas invertebrate communities were represented by those that were
attached to the cobbles and those that were collected by kick-net sam-
pling. Prior to the experiment, river water with no salt addition flowed
through all of the streams for 14 days to promote the stabilization of
the initial algal and invertebrate communities.

2.2. Data collection

Water and biological samples were collected at the beginning of
the experiment (i.e. before adding salt) and 9, 19, 30 and 41 days af
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ter salt was added. Water samples were collected at each occasion to
analyse the major ion concentrations (K+, Mg2+, Ca2+, Na+, S2-, Cl−,
HCO3

−). The samples were analysed in the laboratory of the K + S
KALI GmbH (Philippsthal, Germany). Chloride and hydrogen car-
bonate were analysed according to the German standard methods for
the examination of water, waste water and sludge [DIN 38409-H7-2
(2005), DIN 38405-D1-2 (1985)]. Other ions were analysed by
ICP-OES (Inductively Coupled Plasma- Optical Emission Spectrom-
etry [DIN EN ISO 11885 (2009)]). The concentration of major al-
gal groups in each treatment was determined by using a bbe Bentho-
Torch (bbe moldanke GmbH®), which allows in situ quantification of
different algae as chlorophyll-a, namely green algae, blue-green al-
gae (cyanobacteria) and diatoms. The calculation is carried out inter-
nally using optimised algorithms. We performed 3 measurements at
each sampling occasion on a metal structure that was submersed in the
500 L tanks at the end of the streams. This structure was free from al-
gae at the beginning of the experiment; thus algal colonization came
exclusively from the artificial streams.

Two cobbles were randomly selected for diatom and invertebrate
community analysis at each sampling occasion and merged into one
sample to integrate spatial heterogeneity. Since each tank fed three
streams, there were three replicates for each treatment. After sampling
the cobbles were returned to their initial position within the respec-
tive channel and marked to avoid re-sampling them. Diatom samples
were collected by scraping 10 cm2 of each river cobble with a tooth-
brush and vigorously shaking it in a plastic jar containing river water.
Then, they were fixed with 70% alcohol and taken to the laboratory for
taxonomic identification. Diatom treatment and identification was per-
formed following DIN EN 13946 (2014) and DIN EN 14407 (2014),
together with additional books and papers on diatom taxonomy (e.g.
Krammer and Lange-Bertalot, 1986, 1988, 1991a, b). Determination
was carried out using light microscopes (Zeiss Axioskop and Zeiss
Jenaval, magnification 1.000×). Invertebrates were sampled by scrap-
ing the cobbles' surface and preserved in ethanol 70%. The inverte-
brate density was calculated based on the surface area of each cobble,
which was measured by wrapping them with aluminium foil and sub-
sequently calculating the area from the weight of the foil (Bergey and
Getty, 2006). By the end of the experiment (i.e. day 41), after sample
collection, all gravel was washed and filtered through a net (250 μm
mesh size) to collect the remaining invertebrates. Most invertebrates
were identified to family level following Tachet et al. (2000), with
the exception of Chironomidae and Trichoptera, which were identi-
fied to genus level following Andersen et al. (2013) and Vieira-Lanero
(2000), respectively, given that they were the dominant taxa on the
sampling site.

2.3. Data analysis

All statistical analyses were performed using the statistical soft-
ware R (R Core Team, 2015). Repeated measures ANOVA tests were
used to assess overall differences in algae concentration, diatom rich-
ness and invertebrate density and richness between treatments us-
ing the ezANOVA function in the R package ez (Lawrence, 2015).
One-way ANOVAs were used to assess differences at each sampling
occasion and Tukey post-hoc tests were used to assess pairwise dif-
ferences between treatments. Given that initial communities tend to
be different for each channel in this kind of mesocosm studies (e.g.
Cañedo Argüelles et al., 2012, 2014; Grantham et al., 2012), abun-
dance and richness were analysed as the change from initial con-
ditions for each channel (i.e. abundance/richness at a given time in
a given channel divided by the abundance/richness at time 0 at that
given channel). That allowed us to assess the effects of salt treat

ments on the rate of change in abundance and richness along time.
Model residuals were checked for normality and homoscedasticity as-
sumptions. In the cases where normality was not met, data were square
root transformed and alpha was set to 0.01 to reduce the risk of find-
ing false positives. In the case of heteroscedasticity, a robust statistical
test was used as a post hoc test with adjustment of p-values for mul-
tiple pairwise comparisons between treatment levels (Herberich et al.,
2010). The changes in diatom and invertebrate community composi-
tion were analysed by constructing a Bray-Curtis dissimilarity matrix
using the function “bcdist” in the R package “ecodist” (Goslee and
Urban, 2007). Then the distance of each treatment to the control treat-
ment was plotted along time and linear models were built to look for
significant trends using adjusted R2. Finally, Indicator Species Analy-
sis (Dufrêne and Legendre, 1997) was performed to look for taxa sig-
nificantly associated to each treatment and/or group of treatments us-
ing the “multipatt” function in R package “indicspecies” (Cáceres and
Legendre, 2009). This analysis chooses the combination of treatments
with a highest association value to each taxa based on its abundance
and frequency in each treatment. Best matching patterns are tested for
statistical significance of the associations (i.e. a p-value is obtained).

Using information on diatom and invertebrate communities, we
calculated the following biotic indices: IPS (Coste, 1987) for diatoms
and IBMWP (Alba-Tercedor et al., 2002) and IMMi-T (Munné and
Prat, 2009) for invertebrates. The IPS index is a biotic index devel-
oped on the Rhone - Mediterranean - Corsica basin and it is based on
the weighted averaging equation of Zelinka and Marvan (1961) who
provided integrated assessments of a range of water quality variables,
including organic pollution, eutrophication, salinity and toxic mate-
rials. It has the advantage of taking into account all the species pre-
sent in the inventories and it gives a rating for water quality ranging
from 1 (very polluted waters) to 20 (pristine waters). Diatom taxa were
also classified according to their salinity relationship using the clas-
sic halobian system (Hustedt, 1953, 1957; Ziemann, 1999). The halo-
bic index (Ziemann, 1971, 1999) is also based on the halobian sys-
tem, and it takes into account the mean of the proportion of the species
groups. It is a common tool to classify the degree of salinization in
Germany. The IBMWP index assigns a score to each invertebrate
family according to its sensitivity to pollution, i.e. it is significantly
correlated with nutrient and some ion concentrations (Alba-Tercedor
et al., 2002). The index relies on a single metric: the sum of the
sensitivity scores of the invertebrate families that are present in a
given sample. The IMMi-T index uses a combination of the fol-
lowing metrics: number of families, number of Ephemeroptera + Ple-
coptera + Trichopetra, IASPT (i.e. IBMWP value/number of fami-
lies) and log (Sel EPTCD + 1), which is based on pollution sensitive
Ephemeroptera, Plecoptera, Trichoptera, Coleoptera and Diptera.

The software OMNIDIA (Lecointe et al., 1993) was used to cal-
culate the IPS index and the software MAQBIR (Munné and Prat,
2009) was used to calculate the IBMWP and IMMi-T indices. Ac-
cording to the indices scores each sample was assigned to one of the
five quality classes established by the Water Framework Directive
(WFD) (European Commission, 2000): high, good, moderate, poor
and bad. Good ecological status represents the target value that all
European surface waters have to achieve to ensure ecological pro-
tection (Birk et al., 2012). Water bodies in moderate, poor or bad
condition need to be managed so that good quality is restored. If
good quality is not achieved, economic and legal sanctions can be ap-
plied (Birk et al., 2012). Assessment of ecological status is based on
measuring deviation from a reference (undisturbed) conditions. The
boundaries between quality classes are dependent on the typology of
the ecosystem, since each type has different reference communities.
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Table 1
Concentration (g/L) of major ions in water samples collected from the different treat-
ments and at different times (e.g. Day 0 = first day of sampling, before treatment
started; Day 9 = 9 days after treatment started). Con = control treatment (i.e. river
water; salinity = 0.23 ± 0.02 g/L); Mod = moderate treatment (salinity = 2.27 ± 0.36 g/
L); Mod-p = low treatment with pulses up to moderate concentration (salinity dur-
ing normal conditions = 1.61 ± 0.08 g/L; salinity during salt pulses = 2.26 ± 0.03 g/L);
High = high treatment (salinity = 3.78 ± 0.26 g/L). * = water sample collected during
salt pulse in treatment Mod p.

K+ Mg2+ Ca2+ Na+ S2- Cl− HCO3
− Total

Day 0
Con 0.004 0.008 0.050 0.014 0.015 0.015 0.142 0.248
Mod 0.003 0.008 0.047 0.012 0.015 0.013 0.140 0.238
Mod p 0.003 0.008 0.044 0.013 0.016 0.013 0.130 0.227
High 0.002 0.008 0.047 0.011 0.016 0.013 0.136 0.233
Day 9
Con 0.003 0.007 0.041 0.010 0.012 0.011 0.121 0.205
Mod 0.081 0.138 0.047 0.433 0.105 0.932 0.134 1.870
Mod p 0.061 0.106 0.057 0.330 0.085 0.702 0.154 1.495
High 0.148 0.245 0.052 0.781 0.179 1.674 0.139 3.218
Day 19*
Con 0.003 0.007 0.043 0.012 0.013 0.014 0.126 0.218
Mod 0.090 0.153 0.065 0.481 0.116 1.039 0.186 2.130
Mod p 0.097 0.166 0.060 0.523 0.127 1.126 0.168 2.267
High 0.160 0.268 0.062 0.851 0.196 1.817 0.159 3.513
Day 26*
Mod p 0.095 0.161 0.057 0.503 0.123 1.082 0.148 2.169
Day 30*
Con 0.003 0.008 0.047 0.014 0.015 0.018 0.139 0.244
Mod 0.101 0.174 0.062 0.549 0.133 1.182 0.171 2.372
Mod p 0.095 0.164 0.059 0.516 0.125 1.115 0.173 2.247
High 0.183 0.304 0.066 0.952 0.219 2.046 0.170 3.940
Day 41
Con 0.003 0.009 0.045 0.014 0.016 0.017 0.123 0.227
Mod 0.117 0.198 0.071 0.622 0.151 1.346 0.191 2.696
Mod p 0.071 0.124 0.057 0.384 0.097 0.827 0.159 1.719
High 0.203 0.342 0.076 1.064 0.249 2.310 0.189 4.433

In our case, reference conditions were selected according to the river
typology from where the algal and invertebrate communities were
sampled.

3. Results

3.1. Ion concentrations

Ion concentrations were similar among channels before treatment
started and increased to 2.27 ± 0.36 g/L and 3.78 ± 0.26 g/L in the
Moderate and High treatments, respectively. In the Moderate-p to-
tal ion concentration was 1.61 ± 0.08 g/L and it increased to
2.23 ± 0.03 g/L (i.e. similar to Moderate treatment) during the salt
pulses. The ionic proportions in the control were
HCO3

− > Ca2+>S2- = Cl− > Na+ > Mg2+ > K+, whereas the ionic pro-
portions in the treatments after salt addition were
Cl− > Na+>Mg2+>S2− > K+> HCO3

− > Ca2+. The concentrations of
ions increased in all treatments during time except for the control
(Table 1).

3.2. Algal communities

Significant overall differences in the concentration of cyanobac-
teria between treatments were found at all sampling dates: day 0
(F = 11.36; p-value = 0.003), day 9 (F = 15.5; p-value = 0.001), day
19 (F = 8.44; p-value = 0.007), day 30 (F = 27.13;
p-value = 1.15 × 10−4) and day 41 (F = 11.35; p-value = 0.003).
Post-hoc tests revealed significantly higher concentrations in the Mod
and Mod-p treatments than in control and High at the beginning of
the study, before the salt was added (Fig. 1). Once the salt was added,
cyanobacteria concentrations were always higher in the salt treat-
ments than in the control, except for the Mod-p treatment, in which
cyanobacteria concentrations went down to control level once the salt
pulses started (Fig. 1). Significant overall differences in the concen

Fig. 1. Concentration of cyanobacteria, green algae and diatoms in the experimental channels along time expressed in μg per square centimetre. Each graph represents a differ-
ent sampling date and each boxplot a different treatment. Con = control treatment (i.e. river water; salinity = 0.23 ± 0.02 g/L); Mod = moderate treatment (salinity = 2.27 ± 0.36 g/
L); Mod-p = low treatment with pulses up to moderate concentration (salinity during normal conditions = 1.61 ± 0.08 g/L; salinity during salt pulses = 2.26 ± 0.03 g/L); High = high
treatment (salinity = 3.78 ± 0.26 g/L). Day 0 = before treatment started. Day 9 = 9 days after treatment started. Day 19 = 19 days after treatment started. Day 30 = 30 days after treat-
ment started. 41 = 41 days after treatment started. In the Mod-p treatment salinity were increased to 2.23 ± 0.03 g/L during 3 pulses of 48 h of duration applied 19, 28 and 35 days
after treatment started. (For interpretation of the references to colour in this figure legend, the reader is referred to the web version of this article.)
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tration of green algae between treatments were found only 19
(F = 13.83; p-value = 0.002), 30 (F = 6.89; p-value = 0.013) and 41
(F = 8.21; p-value = 0.008) days after treatment started. According
to post-hoc tests the concentration of green algae was significantly
lower in the High treatment than in the rest of the treatments at
days 19, 30 and 41, except for the Mod – p at days 19 and 30
and the Mod treatment at day 41 (Fig. 1). Significant overall dif-
ferences in the concentration of diatoms between treatments were
found at all sampling dates: day 0 (F = 6.50; p-value = 0.0154), day
9 (F = 13.62; p-value = 0.002), day 19 (F = 8.10; p-value = 0.008),
day 30 (F = 17.6; p-value = 6.97 × 10−4) and day 41 (F = 7.93;
p-value = 0.009). According to post-hoc tests the concentration of di-
atoms was significantly lower in the control than in the treatments at
days 9, 30 and 41 (Fig. 1), whereas at days 0 and 19 the differences
between treatments were more variable (Fig. 1).

We recorded a total of 185 diatom taxa. According to repeated
measures ANOVA diatoms richness did not changed significantly
along time (F = 0.33, p-value = 0.852) and it was not affected by the
salt treatments (F = 0.25, p-value = 0.856) (Fig. 2). However, diatom
community composition was significantly affected by the salt treat-
ments (Fig. 3). Concordantly, the Indicator Species Analysis (IndVal)
revealed that 22 diatom species were significantly associated with dif-
ferent treatment combinations (Table 2). Five species were signifi-
cantly associated with the control group, indicating that they were
sensitive to salt pollution: Cymbella excisa var excisa, Gomphonema
minutum, Gomphonema undet, Gomphonema pumilum and Planoth

idium lanceolatum. On the contrary different Navicula and Nitzschia
species seemed to be salt tolerant, since they were significantly as-
sociated with the salt treatments (Table 2). According to the IPS in-
dex (Table 3) the control was in a good (days 0, 9, and 19) to mod-
erate (days 30 and 41) status, whereas the rest of the channels were
mostly in a moderate status except for the Mod-p (good at day 0) and
the High (poor at day 41) treatments. In spite of a given variability
within the samples, we found clear differences in the proportion of
the halobian groups between the treatments. The share of halophilous
and mesohalobic diatoms (mean value of all samples per treatment) in-
creased continuously from 8.3% (control) to 18.2% in the High treat-
ment (12.8% Mod, 15.1% Mod P) attended by a decline in oligohalo-
bic and indifferent diatoms. Concordantly the mean value of the halo-
bic index raised from 9.5 in the control to 12.7 in the Mod, 15.4 in the
Mod –p and 17.5 in the High treatment indicating “typical freshwater”
for the control and “freshwater with increased salt content” for all salt
treatments.

3.3. Invertebrate communities

We recorded a total of 26 taxa, the most abundant being Chi-
ronomidae (mean relative abundance = 38.82 ± 0.55%), Trichoptera
(mean relative abundance = 30.75 ± 0.29%) and Simuliidae (mean rel-
ative abundance = 15.46 ± 0.13%). According to repeated measures
ANOVA invertebrate density was not affected by treatment (F = 0.32,
p-value = 0.812), but it changed significantly with time

Fig. 2. Diatom richness in the experimental channels along time expressed as the richness at a given day divided by the initial richness. This was calculated for each chan-
nel separately to account for variability in initial communities between channels and to analyse differences in variation from initial conditions for each treatment and replicate.
Each graph represents a different sampling date and each boxplot a different treatment. Con = control treatment (i.e. river water; salinity = 0.23 ± 0.02 g/L); Mod = moderate
treatment (salinity = 2.27 ± 0.36 g/L); Mod-p = low treatment with pulses up to moderate concentration (salinity during normal conditions = 1.61 ± 0.08 g/L; salinity during salt
pulses = 2.26 ± 0.03 g/L); High = high treatment (salinity = 3.78 ± 0.26 g/L). Day 0 = before treatment started. Day 9 = 9 days after treatment started. Day 19 = 19 days after treat-
ment started. Day 30 = 30 days after treatment started. 41 = 41 days after treatment started. In the Mod-p treatment salinity were increased to 2.23 ± 0.03 g/L during 3 pulses of 48 h
of duration applied 19, 28 and 35 days after treatment started.

Fig. 3. Changes in diatom community composition in the experimental channels along time, expressed as the dissimilarity between treatment and control communities. This was
calculated for each channel separately to account for variability in initial communities between channels and to analyse differences in variation from initial conditions for each
treatment and replicate. Each graph represents a different sampling date and each boxplot a different treatment. Con = control treatment (i.e. river water; salinity = 0.23 ± 0.02 g/
L); Mod = moderate treatment (salinity = 2.27 ± 0.36 g/L); Mod-p = low treatment with pulses up to moderate concentration (salinity during normal conditions = 1.61 ± 0.08 g/L;
salinity during salt pulses = 2.26 ± 0.03 g/L); High = high treatment (salinity = 3.78 ± 0.26 g/L). Day 0 = before treatment started. Day 9 = 9 days after treatment started. Day 19 = 19
days after treatment started. Day 30 = 30 days after treatment started. 41 = 41 days after treatment started. In the Mod-p treatment salinity were increased to 2.23 ± 0.03 g/L during 3
pulses of 48 h of duration applied 19, 28 and 35 days after treatment started.
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Table 2
Results from the Indicator Species Analysis, showing the taxa significantly associ-
ated to each IV = indicator value according to the abundance and frequency of each
taxa in each treatment. p-value = statistical significance of the associations. Con = con-
trol treatment (i.e. river water; salinity = 0.23 ± 0.02 g/L); Mod = moderate treatment
(salinity = 2.27 ± 0.36 g/L); Mod-p = low treatment with pulses up to moderate con-
centration (salinity during normal conditions = 1.61 ± 0.08 g/L; salinity during salt
pulses = 2.26 ± 0.03 g/L); High = high treatment (salinity = 3.78 ± 0.26 g/L). Day
0 = before treatment started. Day 9 = 9 days after treatment started. Day 19 = 19 days
after treatment started. Day 30 = 30 days after treatment started. 41 = 41 days after treat-
ment started. In the Mod-p treatment salinity were increased to 2.23 ± 0.03 g/L during
3 pulses of 48 h of duration applied 19, 28 and 35 days after treatment started.

Group IV p-value

Diatoms
Cymbella excisa var excisa Con 0.519 0.005
Gomphonema minutum Con 0.825 0.005
Gomphonema undet Con 0.645 0.020
Gomphonema pumilum Con 0.431 0.045
Planothidium lanceolatum Con 0.545 0.015
Diatoma moniliformis Mod 0.457 0.025
Fragilaria capucina group Con + Mod 0.896 0.005
Fragilaria nanana Mod + Mod p 0.553 0.020
Stephanodiscus hantzschii Mod + High 0.72 0.025
Hippodonta capitata Mod p + High 0.698 0.005
Simonsenia delognei Mod p + High 0.703 0.005
Cymbella microcephala Con + Mod + Mod p 0.603 0.020
Fragilaria ulna var ulna Con + Mod + Mod p 0.877 0.005
Nitzschia sociabilis Con + Mod + Mod p 0.658 0.005
Fragilaria familiaris Con + Mod + High 0.82 0.005
Nitzschia clausii Con + Mod p + High 0.783 0.005
Navicula undet Mod + Mod p + High 0.811 0.015
Naviculadicta absoluta Mod + Mod p + High 0.752 0.020
Navicula veneta Mod + Mod p + High 0.951 0.005
Nitzschia gracilis Mod + Mod p + High 0.767 0.030
Nitzschia microcephala Mod + Mod p + High 0.880 0.015
Sellaphora pupula var pupula Mod + Mod p + High 0.885 0.005
Invertebrates
Eukiefferella minor fitkau Mod p 0.95 0.005
Baetis gr rhodani Con + Mod + Mod p 0.825 0.030

(F = 139, p-value = 9.27 × 10−20) and there was a significant
time × treatment interaction (F = 3.59, p-value = 1.88 × 10−3).
Changes in invertebrate density were only significant between treat-
ments at day 19 (F = 9.50; p-value = 0.005), when the reduction in
initial density was significantly lower in the Mod-p treatment than in
the rest of the treatments (Fig. 4). Post-hoc tests also revealed a sig-
nificantly higher reduction in invertebrate density in the High treat-
ment at day 30 then in the rest of the treatments (Fig. 4). Accord-
ing to repeated measures ANOVA invertebrate richness was not af-
fected by treatment (F = 0.32, p-value = 0.812), but it changed signifi-
cantly with time (F = 28.37, p-value = 4.03 × 10−20) and there was sig-
nificant time × treatment interaction (F = 2.62, p-value = 1.46 × 10−2).
Similarly, one-way ANOVA and Tukey tests revealed no significant
differences in invertebrate richness between treatments throughout the
experiment (Fig. 4). However, invertebrate community composition
differed significantly between the control and the salt treatments (Fig.
5). According to IndVal analysis only two invertebrate species were
significantly associated to a treatment or to treatments combination
(Table 2): Eukiefferella minor fitkau and Baetis gr. rhodani. The for-
mer was significantly more abundant and frequent in the Mod p treat-
ment, whereas the latter was significantly less abundant and frequent
in the High treatment. According to the IBMWP index (Table 3) all
the salt treatments had a poor status, except for Mod at day 0 (mod-
erate status) and the High at day 30 (bad status). According to the
IMMi-T index (Table 3), all treatments had a good status at day 0 and
a moderate status at days 9 and 19. At day 30 the control and the Mod
p treatment had a good status, the Mod treatment had a moderate sta-
tus and the High treatment had a poor status.

Table 3
Results from the calculation of different biotic indices using the diatom and inver-
tebrate samples collected from the cobbles in the experimental channels. IPS = Spe-
cific Pollution Sensitivity Index, based on diatom data. IBMWP = based on inverte-
brate presence/absence data. IMMi-T = based on invertebrate density (individuals per
m2) data. According to the indices scores the channels were assigned to one of the
five quality classes established by the Water Framework Directive: high (blue), good
(green), moderate (yellow), poor (orange) and bad (red). As reference conditions, we
selected the river typology from where the algal and invertebrate communities were
sampled and transferred to the artificial streams. Con = control treatment (i.e. river
water; salinity = 0.23 ± 0.02 g/L); Mod = moderate treatment (salinity = 2.27 ± 0.36 g/
L); Mod-p = low treatment with pulses up to moderate concentration (salinity dur-
ing normal conditions = 1.61 ± 0.08 g/L; salinity during salt pulses = 2.26 ± 0.03 g/L);
High = high treatment (salinity = 3.78 ± 0.26 g/L). Day 0 = before treatment started.
Day 9 = 9 days after treatment started. Day 19 = 19 days after treatment started. Day
30 = 30 days after treatment started. 41 = 41 days after treatment started. In the Mod-p
treatment salinity were increased to 2.23 ± 0.03 g/L during 3 pulses of 48 h of duration
applied 19, 28 and 35 days after treatment started.

Total invertebrate abundance in the cobbles and the channels at the
end of the experiment was: 63, 105, 152 and 43 individuals for the
control and the Mod p, Mod and High treatments, respectively. To-
tal invertebrate richness was 12, 15, 13 and 5, respectively. The Tri-
choptera Hydropsyche exocellata was the most abundant taxa (relative
abundances: Control = 44%; Mod = 42% and High = 88%), except for
the Mod p treatment, which was dominated by Eukiefferella minor
fitkau (relative abundance = 55%).

4. Discussion

Although previous studies had already tested the effects of in-
creased salinity on algal and invertebrate communities, this is the first
time that a real potash mining effluent is tested. As hypothesized,
the High treatment (mean salinity = 3.78 ± 0.26 g/L) had the strongest
effect on the algal and invertebrate communities. However the Mod
(salinity = 2.27 ± 0.36 g/L) and Mod-p (salinity during normal condi
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Fig. 4. Invertebrate density (upper graphs) and richness (lower graphs) in the experimental channels along time expressed as the density/richness at a given day divided by the
initial density/richness. This was calculated for each channel separately to account for variability in initial communities between channels and to analyse differences in variation
from initial conditions for each treatment and replicate. Each graph represents a different sampling date and each boxplot a different treatment Con = control treatment (i.e. river
water. (salinity) = 0.23 ± 0.02 g/L); Mod = moderate treatment (salinity = 2.27 ± 0.36 g/L); Mod-p = low treatment with pulses up to moderate concentration (salinity during normal
conditions = 1.61 ± 0.08 g/L; salinity during salt pulses = 2.26 ± 0.03 g/L); High = high treatment (salinity = 3.78 ± 0.26 g/L). Day 0 = before treatment started. Day 9 = 9 days after
treatment started. Day 19 = 19 days after treatment started. Day 30 = 30 days after treatment started. 41 = 41 days after treatment started. In the Mod-p treatment salinity were in-
creased to 2.23 ± 0.03 g/L during 3 pulses of 48 h of duration applied 19, 28 and 35 days after treatment started.

Fig. 5. Changes in aquatic invertebrate community composition in the experimental channels along time, expressed as the dissimilarity between treatment and control communities.
This was calculated for each channel separately to account for variability in initial communities between channels and to analyse differences in variation from initial conditions for
each treatment and replicate. Each graph represents a different sampling date and each boxplot a different treatment Con = control treatment (i.e. river water; salinity = 0.23 ± 0.02 g/
L); Mod = moderate treatment (salinity = 2.27 ± 0.36 g/L); Mod-p = low treatment with pulses up to moderate concentration (salinity during normal conditions = 1.61 ± 0.08 g/L;
salinity during salt pulses = 2.26 ± 0.03 g/L); High = high treatment (salinity = 3.78 ± 0.26 g/L). Day 0 = before treatment started. Day 9 = 9 days after treatment started. Day 19 = 19
days after treatment started. Day 30 = 30 days after treatment started. 41 = 41 days after treatment started. In the Mod-p treatment salinity were increased to 2.23 ± 0.03 g/L during 3
pulses of 48 h of duration applied 19, 28 and 35 days after treatment started.

tions = 1.61 ± 0.08 g/L; salinity during salt pulses = 2.26 ± 0.03 g/L)
treatments also had significant effects on some parameters (e.g.
cyanobacteria and diatom concentrations). Overall, the effects of salt
addition were time-dependent, being more clear by the end of the
study. This is something that had been previously reported in other
mesocosm studies (Cañedo Argüelles et al., 2014; Cañedo Argüelles
et al., 2012), and that is most likely related with the ability of fresh-
water organisms to resist high salinities for a certain period of time
(e.g. by osmoregulation). However, it could also be related with the
increase in ion concentrations in the channels along time, which was
probably caused by water evaporation. Taxa richness was unaffected

by treatment. This is also in agreement with previous mesocosm stud-
ies (Cañedo Argüelles et al., 2014; Cañedo Argüelles et al., 2012)
and it could be caused by intraspecific variations in salt sensitivity
(i.e. some resistant individuals not being killed by treatment). For
example, Kefford et al. (2007) showed that salinity tolerance varied
across life stages of the same species, and Sala et al. (2016) found
that populations of Hydropsyche exocellata historically exposed to
higher salinities had a greater tolerance to salt pollution. Finally, the
short (i.e. 48 h long) salt pulses had a weak effect on the algal and
invertebrate communities. It is important to notice that the concentra-
tion of cyanobacteria and green algae in the Mod-p treatments was
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not different from the control. Also, the reduction in invertebrate den-
sity in this treatment was lower than in rest of the treatments at day
19, and lower than in the high treatment at day 30. Thus, our re-
sults suggest that the lower salt concentration in this treatment (salin-
ity = 1.61 ± 0.08 g/L) was more important than the salt pulses (rising
salinity to levels comparable to the Mod treatment for 48 h) in deter-
mining changes in the algal and invertebrate communities. Concor-
dantly, Cañedo Argüelles et al. (2014) found that very short salt pulses
(3 h of duration) had a relatively weak effect on algal and invertebrate
communities. As suggested in that study, the lack of significant effect
of the salt pulses could be related with the time between pulses (7–9
days), which should have been long enough to allow organisms to re-
cover. For example, algae and invertebrates have been shown to re-
cover from pesticides just a few days after exposure (Heckmann and
Friberg, 2005; Proia et al., 2011).

4.1. Algae

The effect of the salt treatments on algal biomass seemed to be
time-dependent, with clear differences between treatments by the end
of the study (i.e. 41 days after the salt treatment started). We found
higher algal biomass (expressed as chlorophyll a concentration per
cm2) in salt treatments than in control. This result is consistent with
findings in the river Werra, Germany (Coring and Bäthe, 2011) where
field measurements using a comparable technique supported the hy-
pothesis of fertilizing effects (i.e. promoting algal growth) of saline
wastewater and high potassium concentrations. The salt treatments
caused a significant dominance of cyanobacteria and diatoms, whereas
green algae were significantly reduced in the High treatment. In the
salinized river Werra the abundance of diatoms, cyanobacteria and
green algae changed from year to year and there was no significant dif-
ference in the ratio of the different algae groups between salinized and
unpolluted segments of the river (Coring and Bäthe, 2011). Thus, ad-
ditional investigations will be necessary to demonstrate potential con-
nections between salinity and the quantitative development of differ-
ent algae groups. For example, in combination with other variables,
the development cycle of the phytobenthos may have an additional
or even stronger effect on the composition of the benthic algal bio-
mass than a single stressor like salinity. The treatments had significant
effects on the diatom community composition, with Cymbella excisa
var excisa, Planothidium lanceolatum and some Gomphonema species
being salt sensitive and different Navicula and Nitzschia species be-
ing salt tolerant. This is in agreement with the ecology of the species,
since the first group corresponds to taxa generally inhabiting clear wa-
ters, whereas the Navicula and Nitzschia comprise pollution-tolerant
species that can persist in eutrophic and saline waters (Hofmann et al.,
2013). Several Navicula and Nitzschia were also dominant in heavily
salt polluted rivers in Germany (Hofmann, 1997; Coring and Bäthe,
2011) and benefited from oligohalobic and mesohalobic conditions.
The documented changes in the proportion of the halobian groups and
the halobic index fit to previous field studies. For example, Ziemann et
al. (2001) showed that the abundance of oligohalophilic and increas-
ing mesohalophilic and polyhalophilic diatoms was highly dependent
on river salinization. Schulz (2016) found that increased salt concen-
trations led to a replacement of haloxenic taxa by halophilic, meso-
and polyhalobic forms. Additionally, Pudwill and Timm, 1997 deter-
mined a threshold concentration for the effects of salt on diatoms be-
tween about 100 and 200 mg l−1 chloride or sulphate. They showed
that salinization is indicated by diatoms before any other effects on
the biota (e.g. macroinvertebrates) can be observed. Thus, our findings
conform to field observations, suggesting that salinity can be a key

driver of diatom community composition. The response of the diatom
community to the salt treatment contrasts with a previous study using
3 h salt pulses over a 16 days period (Cañedo Argüelles et al., 2014),
in which no significant effects of treatment on the diatom community
were found. This could be related to the longer duration of the present
experiment and the fact that we recorded a higher taxa richness (185
taxa vs. 102 taxa recorded in Cañedo Argüelles et al., 2014), including
taxa sensitive to pollution. In general, there is still a strong need for
further investigations on the reactions of diatoms to salinization. Even
if diatoms are able and useful to determine early stages of salinization
in aquatic ecosystems, a common understanding of cause and effect
relationships is still under discussion. Also, it is not clear whether and
to what extent changes in the species community structure can affect
the functionality of the ecosystem (Cañedo-Argüelles et al., 2013).

4.2. Invertebrates

The salt treatments had an effect on invertebrate community com-
position that was mainly related with changes in the abundance of cer-
tain taxa. For example, the Ephemeroptera Baetis gr. rhodani was sig-
nificantly less abundant and frequent in the High treatment than in
the rest of treatments. This is most likely related to the salt sensitiv-
ity of this species, which was significantly more frequent and abun-
dant in the control than in the salt treatments in a previous similar
study using stream mesocosms (Cañedo Argüelles et al., 2012). More-
over, Ephemeropterans have been reported to be salt sensitive by sev-
eral field studies (e.g. Clements and Kotalik, 2016; Hartman et al.,
2005; Johnson et al., 2015; Kefford et al., 2011; Kennedy et al., 2003;
Pond, 2010). The Chironomidae Eukiefferella minor fitkau was more
abundant and frequent in the Mod-p than in the rest of the treatments.
According to previous studies, the genus Eukiefferella includes salt
tolerant species. For example, it has been recorded in saline lakes
(Cannings and Scudder, 1978), saline ponds (Dickson et al., 2014) and
the mouth of estuaries (Williams and Hamm, 2002) in Canada. In a
recent study using artificial streams to assess the effect of salt pulses
on aquatic ecosystems near our study area (Cañedo Argüelles et al.,
2014), Eukiefferella had an euryhaline behaviour, being present in all
treatments and showing no clear salinity preferences. Thus, the dom-
inance of Eukiefferella minor fitkau in the Mod-p treatment could be
attributed to a greater abundance of this species in the cobbles that
were transferred from the river to the Mod-p experimental channels,
since Chironomidae can follow random patchy distributions in streams
(Schmid, 1993; Tokeshi and Townsend, 1987). Overall invertebrate
richness was not affected by salinization, contrasting with field stud-
ies that have reported decreasing richness along salinity gradients (e.g.
Braukmann and Böhme, 2011; Kefford et al., 2011; Schulz, 2016). As
suggested by previous mesocosm experiments (Cañedo Argüelles et
al., 2012, 2014) this could be related with the mesocosm communi-
ties being a sub-set of natural communities and thus not containing
some salt-sensitive species (for example we only recorded 2 different
Ephemeroptera taxa and no Plecoptera). Also, the cited field studies
explored long-term exposure to salinization. Therefore, species filter-
ing can be expected to be stronger than in short term salinity exposure
experiments (Kefford et al., 2016).

4.3. Indices

The biotic indices showed a weak response to treatment, with only
the High treatment causing a consistent (i.e. according to all indices)
reduction in the ecological quality of the streams and only by the end
of the study. Accordingly, Cañedo Argüelles et al. (2012) only found
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a reduction in the ecological status of the artificial streams subjected
to high salt concentrations (i.e. 5 mS cm−1 ≈ 3 g L−1) at the end of their
study (i.e. 72 h of exposure). The weak response showed by biological
indices could be related to the negligible effect that salt treatments had
on taxa richness, since this is one of the key metrics that most biolog-
ical indices rely upon. Thus, we suggest that specific indices for de-
tecting salt pollution need to be developed and implemented in mon-
itoring programmes. An example can be found in Germany, where
the DWA (German Association for Water, Wastewater and Waste)
Working Group “Salt loading of flowing waters” recently developed
a salinity index based on a precise auto-ecological characterisation of
macroinvertebrates over a wide chloride gradient (Coring et al., 2016).
The index enables the differentiation and classification of anthro-
pogenic salinization into a five-class system. These classes are limited
by threshold values, where significant changes in benthic macroinver-
tebrate communities can be observed. An intersection of the salinity
index with the ecological status classes in terms of the European Wa-
ter Framework Directive (WFD) has still not taken place but may be of
great interest for the management of salinized rivers and streams. This
should be done at least in rivers and streams impacted by mining, but
given that freshwater salinization is a widespread phenomenon caused
by a wide variety of human activities (Cañedo-Argüelles et al., 2013;
Cañedo-Argüelles et al., 2016), its development and implementation
in all rivers and streams is recommended.

5. Conclusions

Overall, our results suggest that potash mining has the potential to
significantly alter biological communities of surrounding rivers and
streams. We found that salt concentrations as low as 1.61 ± 0.08 g/L
can rapidly increase cyanobacteria concentration, promote the dom-
inance of halophilous and mesohalobic diatoms and alter the inver-
tebrate community composition. Although only the highest salt con-
centration (3.78 ± 0.26 g/L) led to a significant decline of invertebrate
abundance and a degradation of the ecological status, it should be no-
ticed that the biological communities that were present in the artifi-
cial streams in this study were a subset of the communities that can be
found in the river: they were poorer in species and dominated by tol-
erant species like Hydropsyche exocellata (Bonada et al., 2004; Sala
et al., 2016). Therefore the impact of the salt treatments on natural
communities can be expected to be stronger than the one reported
here and a salt concentration limit of 1.61 ± 0.08 g/L can be consid-
ered as conservative. Previous studies (Cañedo Argüelles et al., 2012;
Dunlop et al., 2008; Kefford et al., 2011; Pinder et al., 2005) sug-
gest that a salinity of around 3 g L−1 could be the threshold for de-
tecting strong effects on aquatic invertebrate communities (i.e. drastic
reductions in abundance and/or number of surviving taxa). However,
as observed in this study and previous investigations (e.g. Böhme,
2011; Cormier et al., 2013; Marshall and Bailey, 2004), lower salin-
ities can have significant effects on community composition. The ef-
fect of non-acute-toxic salt pulses seemed to be negligible, since there
were minor differences between the effect of the Mod and the Mod-p
treatments on the algal and invertebrate communities, and there was
small variation in the effects of the Mod-p treatment before and af-
ter the pulses started. Although this study and a previous investi-
gation in artificial streams (Cañedo Argüelles et al., 2014) suggest
that short pulses (i.e. few hours of duration) of relatively high salt
concentrations should have weak effects on freshwater organisms,
the results of Marshall and Bailey (2004) should also be taken into
account. They conducted field experiments to examine the effects
on macroinvertebrates of increased salt concentration (around 1 and
2 g L−1) and mode of salt water release (continuous press release of

approximately 1.5 g L-1 and four, separate pulses of approximately
3.4 g L-1), and found that delivering short pulses of high salt concen-
tration was more harmful to aquatic invertebrates than delivering the
same salt load at a low concentration over a longer period of time. Un-
fortunately, since we did not use this approach in our study (i.e. de-
livering the same salt load under different salt water release schemes)
our results are not comparable to those of Marshall and Bailey (2004).
Thus, this is an issue that requires further study (e.g. exploring pulses
of different duration and magnitude) before strong management rec-
ommendations can be provided. In this regard, mesocosm experiments
can be a powerful tool. Future studies should try to better incorpo-
rate natural habitat heterogeneity and the biodiversity found in natural
communities. Also, testing the response of different initial communi-
ties (e.g. headwater streams versus lowland rivers) would help us to
better understand the potential effects of potash mining (and salt pol-
lution in general) on river ecosystems.
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